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Abstract. Whereas many ecosystem characteristics and processes influence mercury accumulation in higher
trophic-level organisms, the mercury flux from the atmosphere to a lake and its watershed is a likely factor
in potential risk to biota. Atmospheric deposition clearly affects mercury accumulation in soils and lake
sediments. Thus, knowledge of spatial patterns in atmospheric deposition may provide information for
assessing the relative risk for ecosystems to exhibit excessive biotic mercury contamination. Atmospheric
mercury concentrations in aerosol, vapor, and liquid phases from four observation networks were used to
estimate regional surface concentration fields. Statistical models were developed to relate sparsely measured
mercury vapor and aerosol concentrations to the more commonly measured mercury concentration in
precipitation. High spatial resolution deposition velocities for different phases (precipitation, cloud drop-
lets, aerosols, and reactive gaseous mercury (RGM)) were computed using inferential models. An empirical
model was developed to estimate gaseous elemental mercury (GEM) deposition. Spatial patterns of esti-
mated total mercury deposition were complex. Generally, deposition was higher in the southwest and lower
in the northeast. Elevation, land cover, and proximity to urban areas modified the general pattern. The
estimated net GEM and RGM fluxes were each greater than or equal to wet deposition in many areas.
Mercuryassimilationbyplant foliagemayprovidea substantial inputofmethyl-mercury (MeHg) to ecosystems.
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Introduction

Most of the mercury burden in rural and remote
landscapes is due to atmospheric transport and depo-
sition of anthropogenic emissions. Biogeochemical
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processes transform a portion of this deposited
mercury to bioavailable (Hg2+ and MeHg) forms
which accumulate in the tissues of plants and
animals. Elevated blood and tissue mercury con-
centrations lead to a variety of health effects on
both wildlife and human consumers of mercury
containing foods (National Academy of Sciences,
2000).

While large numbers of geographically distrib-
uted observations of mercury levels in sediments
and biota are available (see papers in this volume),
atmospheric deposition of mercury has only been
quantified at a small number of locations. Where
mercury deposition has been measured, generally
only the wet deposition (rain + snow) flux has
been monitored. Various modeling and observa-
tional studies have demonstrated that dry deposi-
tion processes may contribute amounts of mercury
to the landscape equal to or greater than wet
deposition (Grigal, 2002; Cohen et al., 2004). Fine
spatial-scale patterns such as local variation in
vegetation type (receptor surface) and microcli-
mate may be important determinants of the
watershed-scale capture of atmospheric mercury.

Some deposited mercury is reemitted to the
atmosphere as gaseous elemental mercury (GEM)
relieving some of the atmospherically deposited
mercury burden at a given site. A portion of the
landscape mercury emission occurs directly from
water or soil surfaces (Poissant and Casmir, 1998)
whereas another portion results from emission
from plant canopies (Lindberg et al., 1998; Pois-
sant et al., 2004). The latter mechanism has
received limited study and is poorly understood,
but is thought to represent a potentially large
return of mercury to the atmosphere (Lindberg
et al., 1998; Lindberg and Meyers, 2001). There are
various mechanisms in the marine and non-marine
environment that lead to the oxidation of reemit-
ted GEM and its eventual dry deposition (Poissant
et al., 2004) or scavenging by cloud or rain drops
(Lin and Peknonen, 1999). Thus, the mercury
stored in soils and sediments of rural locations
from previous decades of elevated mercury depo-
sition (Kamman and Engstrom, 2002) presently
serves as an important wide-area source of GEM.

The purpose of this study is to generate initial
estimates of total atmospheric mercury deposition
from wet and dry deposition modes across
Northeastern North America. The estimates are

derived from observations of atmospheric mercury
concentrations in predominantly rural environ-
ments made by several monitoring networks and
do not take into account specific point sources.
The estimates are intended to provide a picture of
broad regional patterns in atmospheric deposition
to rural landscapes and high spatial-resolution
deposition estimates for comparison with obser-
vations of mercury levels in soils, sediments and
biota. Estimates of ecosystem emission of GEM
and atmospheric deposition near specific point
sources are the subject of current research.

Methods

Concentrations of mercury species in the atmosphere

There are few direct measurements of mercury in
precipitation and the atmosphere relative to the
information currently available for estimation of
other important air pollutants (S, N, O3) in
northeastern North America. However, the infor-
mation that is available is perhaps one of the best
regional data sets currently available for atmo-
spheric mercury. The data used to estimate the
regional concentration fields for atmospheric
mercury species were obtained from the National
Atmospheric Deposition Program, Mercury
Deposition Network (MDN) and regional studies
conducted by Environment Canada (EC), United
States Environmental Protection Agency (USEPA),
Northeast States for Coordinated Air Use Man-
agement (NESCAUM), and the United States
Geological Survey (USGS).

Mercury in precipitation
We used data from 27 locations within the study
area where mercury has been measured in precip-
itation (Table 1) as part of three mercury moni-
toring networks. All network sites measure total
mercury in precipitation but use different sam-
plers, protocols and analytical laboratories. The
MDN protocol specifies weekly sample collections,
while the EPA/NESCAUM-REMAP stations
followed the University of Michigan Air Quality
Laboratory (UMAQL) protocol that specifies
event collections (Burke et al., 1995). The USGS
stations follow a protocol similar to MDN but use
different collectors and analytical facilities, and
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allow a variable period of 1–3 weeks between
collections. Protocol inter-comparison studies
have been conducted that allow scaling of obser-
vations made by one network to match another
network. For example, Alter (2000) identified a
9–22% weekly bias (REMAP higher) in mercury
concentration between co-located samplers using
the different samplers, protocols and analytical
laboratories for weeks with single and multiple
events, respectively. Subsequent co-location trials
involving the two differing samplers and protocols
but the same (MDN) analytical laboratory found a
smaller bias (Clyde Sweet, personal communica-
tion, 2002). Our analysis of the co-located data
from the MDN and REMAP site at Acadia
National Park indicates that on a monthly vol-
ume-weighted average basis, the REMAP protocol
determined an average of 16% higher mercury

concentrations than the MDN protocol. The
relation between the monthly averages of the two
protocols was best modeled by

HgMDN ¼ 0:86 �HgREMAP ð1Þ

(r2=0.95, p<0.0001, n = 8) where MDN and
REMAP represent the respective monthly vol-
ume-weighted average concentrations of mercury
in precipitation (ng l)1) determined by those
protocols. An intercomparison of USGS and
MDN protocols at Laconia, NH determined the
same relative bias with the USGS protocol
yielding higher estimates. Concentrations mea-
sured at USGS and REMAP sites were adjusted
for bias using Equation 1 for comparison with
the MDN network and generation of regional
concentration fields. It is not known at this time
which protocol provides the most accurate

Table 1. Atmospheric mercury monitoring stations used in this study

Station ST/PR Network Mode(s)a Elev(m) Latitude Longitude Fall Spring Summer Winter

Beverly MA USGS ppt 34 42.58333 )70.91667 na 7.2 na na

Quabbin MA UMAQL ppt, TGM, p 312 42.29830 )72.33470 7.1 9 12.48 6.37

Blue Hill MA USGS ppt 197 42.21667 )71.11667 4.33 na na na

Greenville ME MDN ppt 322 45.48970 )69.66440 4.54 4.79 9.09 3.19

Acadia ME MDN ppt 129 44.37390 )68.26060 5.16 6.49 12.15 3.91

Bridgton ME MDN ppt 222 44.10750 )70.72890 4.68 6.3 11.16 4.22

Casco Bay ME MDN ppt 15 43.83190 )70.06280 5.97 6.41 11.58 4.92

St. Andrews NB MDN ppt, TGM 10 45.08330 )67.08330 5.37 7.11 10.93 3.86

Cormak NF MDN ppt 168 49.31670 )57.38330 3.32 5.17 7.21 2.47

Laconia NH MDN ppt 216 43.56167 )71.49667 5.9 6.63 8.81 3.81

New Castle NH MDN ppt 10 43.16670 )70.86670 6.21 6.2 11.36 4.29

Manchester NH USGS ppt 72 42.99500 )71.46333 na na na na

Kejimkujik NS MDN ppt, TGM 155 44.43280 )65.20560 4.23 5.95 10.03 3.73

Huntington NY MDN ppt 500 43.97310 )74.22310 5.52 6.86 9.2 4.95

Dorset ON MDN ppt 320 45.22390 )78.93110 11.91 9.51 12.47 5.24

Egbert ON MDN ppt, TGM 251 44.23330 )79.78330 7.24 12.25 10.38 4.92

Point Petre ON MDN ppt 78 43.84280 )77.15360 6.01 6.97 12.57 7.18

Erie PA MDN ppt 177 42.15580 )80.11340 8.65 9.77 12.41 8.69

Hills Creek PA MDN ppt 476 41.80430 )77.19030 6.45 7.62 11.37 5.15

Milford PA MDN ppt 212 41.32750 )74.82030 5.08 12.52 12.76 6.82

Allegheny Portage PA MDN ppt 739 40.45700 )78.56000 8.41 9.15 12.99 6.7

Valley Forge PA MDN ppt 46 40.11660 )75.88330 7.99 12.12 11.15 7.89

Arendtsville PA MDN ppt 269 39.92310 )77.30780 5.4 11.02 12.15 9.05

Holbrook PA MDN ppt 1140 39.81610 )80.28500 7.94 10.4 12.25 6.71

Mingan PQ MDN ppt, TGM 11 50.26670 )64.23330 4.68 5.05 7.07 3.33

St. Anicet PQ MDN ppt. TGM 49 45.20000 )74.03330 8.05 8.42 10.42 5.79

East Providence RI UMAQL ppt, TGM, p 20 41.84030 )71.36170 7.66 9.89 10.15 5.81

Underhill VT UMAQL ppt, TGM, p 420 44.52830 )72.89620 7.05 8.07 8.94 5.82

Modes = measurement modes: ppt = precipitation mercury, TGM = total gaseous mercury, p = suspended particulate mercury.

Seasonal precipitation-weighted mean mercury concentrations (ng l)1) are given for the maximum period of record for each station

prior to 2002. Note: na = not available; either data were only available for 2002 or later, or completeness criteria were not met for

observations prior to 2002.
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measurements. Therefore, the results presented
below could be underestimates of the true con-
centration and deposition.

The mercury data from all stations were
screened according to quality-assurance criteria.
Monthly averages were computed only when
>90% of measured monthly precipitation was
represented by valid samples. Seasonal averages
were computed only for complete monthly
records. Precipitation weighting was conducted
based on measurements from dedicated precipita-
tion gages rather than from collected sample vol-
umes.

Because of differences in the objectives and
funding of the different monitoring networks,
there was no year when all stations operated
simultaneously. Most stations operated from 1997
or 1998 to 1999. Alter (personal communication,
2001) examined the year-to-year variance in
monthly concentrations at long-operating sites
from both networks and determined that there was
no evidence for large year-to-year differences in
concentrations during the period including all
observations. The coefficient of variation of
annual volume-weighted mean concentrations was
9.2% for Underhill (1993–1999) and 9.6% for
Acadia National Park (1997–2000), approaching
the likely precision of the measurement. We did
find a significant year effect in an analysis of
covariance of seasonal volume-weighted mean
concentrations (Fig. 1), but the only year signifi-
cantly different from the mean was 2002. As a first
approximation, and given year-to-year variance
across the network of less than 10%, it is reason-

able to pool the observations from different years
(excluding 2002) at different sites as a basis for
forming the densest network possible for spatial
interpolation of the mercury-precipitation con-
centration field. A primary objective of this study
was to estimate the relative differences in mercury
atmospheric deposition to lake watersheds across
the region for comparison with differences in
mercury burdens of various ecosystem compart-
ments. Because most measures of ecosystem mer-
cury accumulation integrate across years (or
decades) of mercury deposition, pooling all years
of available data is more appropriate for this study
than conducting an analysis for individual years.
This process of temporal aggregation to achieve
greater spatial representation produces estimates
that characterize regional patterns of mercury
deposition rather than represent any specific year.

Monthly precipitation-weighted average con-
centrations (adjusted to an MDN basis) were
averaged to seasonal precipitation-weighted con-
centrations (Table 1). The seasonal concentrations
were spatially interpolated to a 1-km grid over the
region using inverse distance-squared weighting of
observations (e.g. Fig. 2).

Mercury in cloud-water, frost, or dew
The few measurements of mercury in cloud-water,
frost or dew (e.g. Lawson, 1999; Malcolm and
Keeler 2002; Malcolm et al., 2003) indicate that
mercury is not enriched with respect to its con-
centration in precipitation as is the case for more
soluble compounds. This behavior is expected
given the low RGM and particulate-mercury (Hp)
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Figure 1. Analysis of covariance model for mercury concentrations in precipitation. Latitude and precipitation (PPT) were covari-

ates. Season and year were main effects. Seasonal precipitaton-weighted mean mercury concentration decreased with increasing lat-

itude and with increasing precipitation amount. There was a significant effect of season (p<0.0001) with strong leverage. The

seasonal means ranked as follows: winter (4.93 ng l)1), fall (6.21), spring (7.52), and summer (11.02). There was a significant

(p=0.0005) year effect. Year leverage (not shown) was trivial with only the year 2002 (6.74±0.18) significantly different from and

slightly smaller than the mean response (7.45).
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concentrations in the atmosphere and the very low
solubility of Hg0 in water. We estimated the con-
centration of mercury in cloud-water from the
precipitation concentration corrected for a slight
enrichment (1.1) and spatial variations in cloud
liquid water content (Miller et al., 1993a, b).

Particulate-phase mercury
Particulate (<2.5 lm) mercury concentrations
(Hgp) in air were determined at the three REMAP
sites (Table 1) using UMAQL protocols (Burke et
al., 1995). Hgp concentrations were lower in sum-
mer and higher in winter at all three sites, with
seasonal differences more pronounced than site-to-
site differences. The variation in Hgp concentra-
tions could be modeled across the REMAP sites as
a linear function of the mercury concentration in
precipitation and season (r2=0.71, p = 0.046,

n = 12). Particulate mercury concentrations
throughout the region were estimated using this
model. As discussed below, particulate-mercury
deposition amounts to less than a few percent of
total mercury deposition. Thus, the considerable
uncertainty in particulate mercury concentrations
resulting from the few measurements available has
little effect on the uncertainty of the total mercury
deposition estimate.

TGM, GEM and RGM
Total gaseous mercury (TGM) is composed of
gaseous elemental mercury (GEM) and reactive
gaseous mercury (RGM = HgCl2 + HgBr2).
TGM concentrations in air were determined
simultaneously at the 3 REMAP stations and 5
Canadian MDN stations in 1997 and 1998 (Ta-
ble 1). The REMAP sites collected 24-h integrated

Figure 2. Estimated mercury concentration (ng l)1) field for summer precipitation. Blue circles represent the location of mercury

monitoring stations (Table 1) used in the interpolation of the regional concentration field. Contours (white) are shown for the

9.0 ng l)1 and 11.0 ng l)1 Hg concentration levels.

Mercury Deposition Across Northeastern North America 57



samples every 6th day (Burke et al., 1995) while
the Canadian stations measured continuously
(hourly means stored) using the Tekran� 2537A
automated sampler (Blanchard et al., 2002; Pois-
sant et al., 2004; Environment Canada, 2004).
Because the RGM component of TGM is small
(see below) GEM was assumed equal to measured
TGM for this analysis.

TGM concentrations varied seasonally, with
winter and spring values higher than summer and
fall values (cf. Poissant, 2000; Blanchard et al.,
2002). TGM concentrations were significantly
different among the US sites (ANOVA, p<0.0001)
with the annual means significantly different
between each site (Tukey-Kramer HSD), indicat-
ing a south-to-north or urban-to-rural trend.
There were also significant differences between the
Canadian stations (ANOVA, p=0.0002), with
Egbert and St. Anicet having higher concentra-
tions than all others, and Kejimkujik and St.
Andrews having lower concentrations than all
others (Tukey-Kramer HSD). These differences
reflect both urban-to-rural and west-to-east con-
centration gradients (Kellerhals et al., 2003).

Analysis of covariance of seasonal mean TGM,
with the seasonal average precipitation mercury
concentration as the covariate and season as the
main effect, revealed a relation between TGM and
precipitation mercury concentration (r2=0.48,
p=0.007, n = 26, East Providence excluded as an
outlier, Fig. 3). When restricted to the Canadian
network, the same model explained 64% of the
variance. The lower amount of variance explained

when all stations are pooled may result, in part,
from differing regional gradients, as well as from
differences in the network sampling methods. The
positive correlation between seasonal mean TGM
and precipitation-weighted mercury concentra-
tions may indicate a dependence of precipitation
mercury concentrations on vapor-phase mercury,
or at least a correlation between oxidized mercury
and total mercury in the atmosphere. The residuals
of this effect were lower in summer and higher in
winter, indicating greater mercury oxidation and
scavenging rates in summer (Lin and Pekonen,
1999) and/or increased winter anthropogenic
emissions compared to summer (Blanchard et al.,
2002). The joint US-Canadian model (Fig. 3)
formed the basis for estimating regional TGM
concentrations.

Reactive gaseous mercury was not measured by
any network. Recent studies suggest that RGM
can represent 1–3% of TGM at continental sites
(Lindberg and Stratton, 1998; Landis et al., 2002;
Poissant et al., 2004). Because RGM is highly
reactive and rapidly scavenged by moist particles
and surfaces, RGM concentrations likely fall off
rapidly with distance from their primary sources,
incinerators, and power plants (Lindberg and
Stratton, 1998). Poissant et al., (2004) provided
evidence that local oxidation of GEM to RGM
occurs at non-marine sites. Thus, RGM concen-
trations are likely to be highly variable and related
to both point sources and oxidant levels. Estima-
tion of the effect of point sources and oxidant
levels on the spatial distribution of RGM in the
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Figure 3. Analysis of covariance model for TGM concentrations at 2 US and 5 Canadian stations. The precipitation amount

weighted Hg concentration was the covariate and season was the main effect. Seasonal mean TGM concentrations were positively

correlated with seasonal mean volume-weighted precipitation Hg concentrations (p=0.019). There was a significant effect of season

(p=0.006) with strong leverage. The seasonal means ranked as follows: spring (1.69 ng m)3), winter (1.65), summer (1.52), and

fall (1.43). If the US stations which used every 6th-day sampling rather than continuous sampling are dropped from the analysis

the percent variance explained by the model increases to 64%.
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atmosphere was beyond the scope of this study.
For the purpose of providing bounded estimates of
total mercury deposition, we estimated RGM
deposition for the region assuming RGM repre-
sents 1% of TGM.

Atmosphere-land surface transfers of mercury

The exchange of mercury between the atmosphere
and ecosystems is bidirectional (e.g. Lee et al.,
2000). Precipitation, dry particle, RGM, and
GEM deposition contribute mercury to landscape
burdens. Oxidized forms of mercury in soils, soil
waters, surface waters and aquatic sediments are
reduced by both biotic and abiotic processes to
form Hg0. Because Hg0 is sparingly soluble in
water, most of the Hg0 produced in terrestrial
and aquatic systems is partitioned into the vapor
phase and reemitted to the atmosphere. For
example, Poissant et al. (2004b) presented a sum-
mer mercury budget based on measurements in
the Baie Saint Francois wetlands (Québec):
dew deposition (�0.1 ng m)2 h)1) < precipitation
deposition (�0.68 ng m)2 h)1) < dry deposition
(2.8 ng m)2 h)1) for a total bulk deposition of
3.6 ng m)2 h)1. In comparison, evasion from
water (0.5 ng m)2 h)1) < evasion from soil
(0.83 ng m)2 h)1) < evasion from plant canopy
(15 ng m)2 h)1) for a total evasion term of
�16.3 ng m)2 h)1. During this short study, bulk
evasion was about 4.5 times larger than bulk
deposition. The accumulated landscape burden,
bioavailability, and persistence of mercury in the
environment are all affected by the balance of
mercury deposition and reemission. The primary
controls on Hg0 (GEM) emissions from different
landscape elements are just beginning to be
understood and explicit modeling of GEM re-
emission processes remains problematic. However,
we developed an empirical method to estimate the
net GEM deposition to forest canopies (net of
canopy assimilation and reemission) using foliar
mercury accumulation rates. The emission of
GEM from soils and surface waters was not
modeled in this study.

Precipitation
We estimated the spatial distribution of mercury
deposition due to precipitation by multiplying
the seasonal average precipitation mercury

concentration fields (described above) by the
seasonal 30-year average (1971–2000) precipita-
tion fields derived from NOAA and Environ-
ment Canada climatic data (1302 sites). Seasonal
regression models were developed to extract the
local orographic component of the variance in
seasonal precipitation. The residuals of this
model were spatially interpolated to provide
local estimates of medium-scale orographic and
moisture source effects (c.f. Dingman, 1981). The
regression models were then applied to a 100-m
resolution digital elevation model (DEM) and
combined with the residual field to provide a
localized estimate of seasonal precipitation rate.

Cloud-water deposition
The cloud-water deposition model of Miller et al.
(1993a, b) was parameterized with representative
canopy configurations for the major surface types
expected to receive cloud-water deposition. Sensi-
tivity analyses were conducted with the multi-layer
model in order to characterize model response to a
large set of possible canopy by meteorological
condition interactions. We then statistically
apportioned the multi-layer model response to key
environmental parameters that can be estimated
for each 100-m pixel (wind speed, temperature,
cloud frequency, leaf area index (LAI)). For
example, summer (leaves on) cloud-water input to
a mixed forest canopy can be estimated as follows:

cm cloud ¼ ð � 0:0701þ 0:0836�cf

þ 8:903�10�3�cf2�1:1946�10�4�cf3

þ 6:767� 10�7
�
cf4Þ � ðð0:14019�wsÞ

þ 0:38051Þ�ð1:006� ð0:0004946�TÞÞ
�ðpLAI=5:7Þ

ð2Þ

where cf = cloud frequency (%), ws = mean
wind speed (m s)1), T = mean temperature (�C),
and pLAI = projected leaf area (m2 m)2). Simi-
lar equations were developed for different recep-
tor surfaces.

Cloud frequency was taken to be a function of
elevation as observed at Whiteface Mountain, NY
(Miller et al., 1993b) and adjusted for regional
variation in atmospheric water vapor content using
the ratio of precipitation rate at a given location
relative to the value at Whiteface Mountain.
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Because cloud liquid water content (LWC) is re-
lated to cloud frequency (Miller and Friedland,
1999) we formulated Equation 2 such that the
cloud-frequency term includes the effect of LWC.
We did not make spatial estimates of coastal-fog
water deposition because of the lack of adequate
data on coastal fog frequency and LWC. Coastal
fog was estimated to contribute between 1.6% and
16% of total water deposition at the immediate
coast of Nova Scotia and Newfoundland
(Beauchamp et al., 1998) although fog LWC and
fog-water deposition likely fall off rapidly inland.

Dry deposition of Hgp and RGM
Dry deposition of Hgp and RGM were estimated
using the approach of Lindberg et al. (1992) with
some differences and additions described below.
Dry-deposition velocities for aerosol particles and
gasses were estimated using a big-leaf model
designed for complex terrain and multi-species
canopies (Miller et al., 1993a, b). This model
includes appropriate physics to simulate deposi-
tion to a complex landscape with a wide range of
elevations, pressures, temperatures, and receptor
surface types. A big-leaf model is preferred over a
multi-layer model for this application because of
the limited information available to properly
characterize the receptor surface at each 100-m
pixel. Estimation of receptor-surface characteris-
tics is described below.

Seasonal mean wind speed for elevations less
than 600 m elevation were generalized from a
NOAA (1998) national summary of the period
1930–1996. Wind speeds recorded at CASNET
stations were consistent with the NOAA observa-
tions. The wind-speed increase with elevation was
modeled following Miller et al. (1993b). Thirty-
year average (1971–2000) mean monthly temper-
atures were derived from observations at 986
well-distributed monitoring stations in the North-
eastern US and Eastern Canadian Provinces by
NOAA and EC. Seasonal mean temperatures were
formed from the monthly means. A multiple
regression model of mean temperature as a func-
tion of season, latitude, longitude, and elevation
explained 94% of the variance in these data.

Representative seasonal averages of hourly
time-series data describing the diurnal fluctuations
about the seasonal daily means for temperature,
wind speed, and relative humidity, were derived

from observations at CASTNET (2004) stations.
The average percentage of possible solar radiation
received was calculated from global-irradiance
measurements made at these sites. The represen-
tative diurnal fluctuations about the daily mean
were applied to seasonal mean microclimate values
estimated for each grid cell to produce seasonal
average representations of the diurnal cycle in
driving variables for the deposition model. The
spring and fall model runs were broken into
leaves-on and leaves-off periods, with meteoro-
logical conditions averaged independently for each
sub-seasonal period.

Dry deposition to water surfaces was calculated
following the method of Xu et al. (1999). RGM
was assumed to behave similarly to nitric acid
vapor (Rea et al., 2001; Lindberg et al., 1992).

Net GEM deposition inferred from mercury accu-
mulation in foliage and leaf fall rates
Various, largely unsatisfactory, approaches have
previously been used to estimate GEM dry depo-
sition. The Lindberg et al. (1992) model clearly
overestimates GEM deposition (S.E. Lindberg,
personal communication, 2002) because it does
not include a compensation point for mercury
(Hanson et al., 1995) as is necessary for modeling
atmospheric species with bi-directional fluxes (e.g.
van Hove et al., 2002) and it lacks representation
of canopy emission of GEM (Lindberg et al., 1998;
Lindberg and Meyers 2001; Lindberg et al., 2002).
Xu et al. (1999) side-stepped modeling a compen-
sation point by separately calculating GEM
deposition according to Lindberg et al. (1992) and
formulating a separate model for canopy emission
of GEM consistent with the very limited (pre-
1999) understanding of controls on this process.
Net GEM deposition was taken to be the net of
the two model results. Unfortunately, several key
parameters in Xu et al. (1999) canopy emission
model – such as the supersaturated concentration
of Hg0 dissolved in soil water – remain highly
uncertain, are likely quite variable, and are difficult
to model with available information. In addition,
recent experimental evidence (Johnson et al., 2003)
indicates that soil emission of Hg0 is not limited by
diffusion through soil as was previously thought
(see Johnson and Lindberg 1995; Lindberg et al.,
1998) and, therefore, supersaturation of soil water
with dissolved gaseous Hg0 as assumed by Xu
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et al. (1999) and Bash et al. (2004) appears
unlikely. Recent measurements of GEM emission
from vascular plant canopies suggest that some
biological process (bioreduction) at the root-soil
interface may be responsible for the production of
and apparent supersaturation of Hg0 in the xylem
of plants exhibiting net GEM emission (Lindberg
et al. 2002).

Rea et al. (2002) measured mercury in the foliage
of deciduous trees over the course of the growing
season and found that total foliar mercury accu-
mulation was substantially less than GEM depo-
sition estimated following Lindberg et al. (1992).
Rea et al. (2001) determined that Hgp and RGM
dry deposition are rapidly washed off foliar sur-
faces, and, therefore, foliar accumulation of
mercury most likely represents GEM assimilation.
In controlled pot and chamber studies with aspen,
Ericksen et al. (2003) determined that all foliar
accumulation of mercury resulted from vapor
uptake, regardless of soil mercury concentration.

Developing an inferential model for GEM
deposition is difficult because of the lack of infor-
mation on the physiological and biochemical con-
trols responsible for Hg0 assimilation by foliage.
There is no obvious mechanism to bind and store
Hg0 entering the mesophyll through the stomata.
One possible mechanism might involve Hg0 first
being oxidized to Hg2+ (within the plant) before it
can be bound by phytochelatin molecules and
sequestered in the vacuole space (Cobbett, 2000).
During periods of photosynthesis, free radicals
would be available to complete this oxidation.

The rate of mercury accumulation in foliage was
highly linear with no significant difference between
accumulation rates measured by Rea et al. (2002)
in two widely separated forests, in two different
years, with significantly different meteorological
conditions and modeled GEM deposition veloci-
ties at each site (Fig. 4). The lack of difference in
foliar accumulation rates between the two sites
given the difference in deposition velocities esti-
mated using the Lindberg et al. (1992) approach
(Rea et al., 2002) suggests that foliar mercury
accumulation might be limited by biological pro-
cesses mediating sequestration of mercury.

Given the very likely possibility that the annual
transfer of mercury from foliage to forest floor via
leaf fall represents net GEM deposition (Grigal,
2002; Rea et al., 2002; Ericksen et al., 2003), we

developed an empirical method to estimate the
accumulation of mercury in foliage of the study
area. Observed mercury contents in foliage at Un-
derhill, VT (Rea et al., 2002) are described well by

Hgfoliageðng g�1Þ ¼ DOY�0:20137� 26:203 ð3Þ

(r2=0.99, p<0.0001, n = 4, DOY = day of
year). Foliar mercury accumulation was also lin-
ear with a similar accumulation rate (slope of
Equation 3) at the Pellston, MI site studied by
Rea et al. (2002) (Fig. 4). The zero Hg intercept
of Equation 3 indicates the onset of accumula-
tion occurred on day 130 (May 10th) at the
Underhill site (44.53 N) and 5 days later at the
Pellston site (45.57 N), both plausible dates for
initial swelling of buds at these locations. The
mercury accumulation period constitutes the time
between the zero Hg intercept and majority leaf
fall, and amounts to 140 (Pellston) to 150
(Underhill) days at these two sites, approximat-
ing the length of the growing season. The accu-
mulation period was both shorter and the total
mercury accumulation less at the more northerly
Pellston site. As a first approximation we expect
the mercury content of deciduous foliage to be a
linear function of growing season length.

We analyzed growing season length and mean
annual temperature (MAT) from stations in New
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Figure 4. Growing season mercury accumulation in foliage of

various deciduous species measured in Vermont and Michigan

by Rea et al. (2001). Hg accumulation was highly linear with

similar daily accumulation rates at both sites. Points are col-

lection period means (with standard errors) of various species.
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England. In this region, the length of the growing
season was extended by 6.2 days for each 1 �C
increase in MAT (r2=0.77, p<0.0001, n = 28).
This result falls between the estimate by White et
al. (1999) of an increase of 5 days per 1 �C MAT
derived for stations between 32.8 and 45.5 N in the
eastern US and a value of 9.6 days per 1 �C we
calculated from Canadian data (CANSIS 2002)
representing 43.73–46.94 N, 63.29–73.69 W
(r2=0.95, p<0.0001, n=38) and, therefore, seems
to be an appropriate generalization for the study
region. Using the Underhill site as the basis (30-
year MAT = 10.75 �C), the mercury foliar accu-
mulation period is then

Accumulation Period ¼ 83:4þ 6:2�MAT: ð4Þ

The geographic distribution of MAT was mod-
eled as a function of latitude, longitude and ele-
vation using data from NOAA and Environment
Canada stations with 10 years or more of record
(r2=0.95, p<0.00001, n=981).

In controlled greenhouse fumigation studies
Gustin et al. (2003) found that foliar GEM uptake
was a linear function of air concentration. We used
their data to compute a linear adjustment based on
GEM concentration to the foliar accumulation
rate determined from the field studies. The con-
centration of mercury representative of the major
deciduous species of the study area (see Rea et al.,
2001) at the end of the growing season was cal-
culated as

Hgfoliageðng g�1Þ
¼ 0:20137�Accumulation Period

þ 4:71�ðTGM� 1:37Þ
ð5Þ

We also estimated the mercury accumulation in
foliage of evergreen species that retain needles
for 2–7 years and exhibit continued accumulation

of mercury in the years after foliage formation
(Rasmussen, 1995; Grigal, 2002). Evergreen foli-
age generally exhibits higher mercury concentra-
tions than deciduous foliage from the same site
due to the longer needle life span of evergreens
(Rasmussen, 1995; Grigal, 2002). Rasmussen
(1995) found that the mercury concentration of
balsam fir and white spruce needles increased by
5–10 ng g)1, during the year after foliage forma-
tion. We assume that evergreens accumulate mer-
cury at the same rate as deciduous foliage during
the first year and increase by 10 ng g)1 for each
subsequent year of needle retention.

The flux of mercury to the forest floor is com-
puted from the estimated foliar mercury concen-
tration at senescence and an estimate of leaf-fall
mass. Leaf-fall mass is proportional to total pro-
ductivity and related to climate at continental to
global scales (Schlesinger, 1977). However, in a
sample of New England forests we conducted,
foliar biomass was primarily related to basal area
of the plot (age and other growth factors) and
forest type (r2=0.73, p<0.0001, n=210), and only
weakly related to temperature and precipitation
(Table 2). Within the northeast region, variance in
standing biomass and production is dominated by
stand age (management history) rather than cli-
matic factors. Because it is currently impossible to
estimate forest age at the spatial resolution of the
model, we used the mean foliage biomass
(adjusted for evergreen needle retention) modified
by climate to estimate litter fall mass by forest
type (Table 2).

Landscape and receptor surface characterization
A 100-m resolution digital elevation model was
derived from the USGS National Elevation Data
Set (NED) (Gesch et al., 2002) and Shuttle Radar
Topography Mission data for Canada (National

Table 2. Characteristics of regional forest types used in the dry deposition and leaf fall mercury accumulation models

Land

Cover

Mean Standing

Leaf Biomass

(MT ha)1)

Standard

Deviation

Annual Leaf

fall Yield (g g)1)

Leaf

Area (m2 g)1)

Climate Dependence Regres-

sion Models

Temperature

(MT ha)1 �C)1)

r2

intercept

(MT ha)1)

Precipitation

(MT ha)1 cm)1)

Deciduous 3.7 1.5 1 0.0192 2.60 0.043025 )0.28834 0.10

Evergreen 3.1 1.9 0.25 0.0113 )5.94 0.082690 ns 0.25

Mixed 4.6 2.7 0.625 0.0150 5.75 0.058897 )0.66828 0.21

MT=metricton, ns=not significant.
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Aeronautics and Space Administration, 2004).
Slope and aspect (used in solar radiation and
microclimate calculations) were calculated from
the DEM. The US National Land Cover Data
(NLCD) and EC AVHRR-derived land-cover
data were used as the basis for receptor surface
characterization. The NLCD differentiates 21 land
cover types, including 3 forest types: evergreen,
deciduous, and mixed forest at an approximate 30-
m ground resolution (Vogelmann et al., 2001). The
EC product differentiates 13 land-cover classes,
including evergreen, deciduous, and mixed forest,
at 1-km resolution. Receptor surface characteris-
tics for the forest classes are given in Table 2.

Results and discussion

Total estimated mercury deposition – the sum of
precipitation-delivered mercury, GEM assimila-

tion by vegetation, RGM and dry-aerosol depo-
sition, and cloud-droplet interception – exhibited
complex spatial variance at a range of spatial
scales (Fig. 5). Total deposition ranged an order of
magnitude from approximately 3lg m)2 y)1 in
barren areas of the north to greater than
30lg m)2 y)1 in the southwest and on isolated
high mountain summits with heavy cloud-water
deposition. The majority of deposition occurs
from late spring through early fall (see also Van
Arsdale et al. 2005). This is due to several factors
including increased oxidant levels in the atmo-
sphere creating more Hg2+ and RGM that can be
dry deposited or scavenged by cloud and rain
droplets during moist conditions (Fig. 1). Terres-
trial plants expand and grow their leaves during
this period, altering receptor surface conditions to
promote efficient RGM and GEM dry deposition
(e.g. Lindberg et al., 2002; Poissant et al., 2004).

Figure 5. Estimated total mercury deposition (wet + dry) in lg m)2 y)1 to rural areas. Deposition was not estimated for areas

with urban or residential land cover. Mercury deposition is likely to be much greater than depicted here in the immediate vicinity

of urban areas and emissions sources. The effects of urban and point emissions sources are not well captured by the sparse, rural

mercury observation network. Mercury deposition may be greater than depicted here in the northern low arctic areas because of

seasonal mercury depletion events (Lindberg et al., 2002).
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Precipitation, RGM and GEM dry deposition
each contribute about a third of the total estimated
mercury deposition (Table 3). Particulate deposi-
tion generally accounted for less than 1% of total
deposition. Cloud-water deposition was generally
unimportant except for areas above 1000 m ele-
vation. At the highest elevations, cloud-water in-
puts may account for up to one-half of total
mercury deposition. Precipitation tends to domi-
nate mercury deposition in the non-forested
landscape. Because the land cover of most juris-
dictions is predominantly forest (Table 3) the dry
deposition modes are likely to be very important.

Effort and resources should be placed into
establishing a network for measuring the atmo-
spheric concentrations and fluxes of RGM and
GEM. There is likely substantial spatial variation
in atmospheric RGM and Hgp concentrations re-
lated to proximity to emission sources that we are
unable to characterize in this analysis. Hence, we
have a low confidence in the specificity of the
RGM and Hgp deposition estimates presented
here (due to the lack of measurements). However,
they are likely of the correct order of magnitude.
The modeled deposition velocities and corre-
sponding fluxes of Hgp and RGM were consistent
with values reported by other investigators using
the Lindberg et al. (1992) approach to modeling
dry deposition. The magnitude of the RGM +
Hgp flux can also be judged from the many studies
of mercury in canopy throughfall waters in the

literature. Most investigators found that through-
fall was enriched in mercury relative to wet depo-
sition by a ratio of 1:1 to 3:1 (Grigal, 2002). The
additional mercury in throughfall is thought to be
due to the 100% wash off efficiency of RGM and
mercury-containing aerosols (Rea et al., 2002;
Ericksen et al., 2003). Our estimate of a model
throughfall (wet deposition + RGM + Hgp) to
wet depositon ratio ranges from 1.25:1 (10th per-
centile) to 3.60:1 (90th percentile) with a median
value of 2.05:1. We have higher confidence in the
GEM deposition estimates as they are consistent
with the leaf fall studies of many investigators (cf.
Grigal, 2002) and derived from direct observations
in the study area. Therefore, the present wet-
deposition network is probably measuring only
one-third to one-half of the total mercury flux.

The spatial complexity of the deposition field is
created by atmospheric composition, meso- and
micro-climate, and receptor surface patterns. Clear
regional gradients in atmospheric mercury
concentrations were evident. Seasonal precipita-
tion-weighted mean mercury in the liquid phase
decreased markedly with increasing latitude
(Fig. 1). Superimposed on the south–north gradi-
ent are the effects of urban and industrial centers
(Fig. 2). Areas downwind from urban centers such
as coastal Maine also exhibit elevated liquid phase
concentrations (Fig. 2, VanArsdale et al. 2005).
Complex patterns in precipitation rates driven by
meso-scale circulation and local orographic effects

y ( )

Table 3. Summary of mercury deposition rates (lg m)2 y)1) by jurisdiction

State/Province Total CV (%) Precipitation GEM RGM Particle Cloud Forest (%)

Connecticut 16.7 69 4.8 5.7 6.0 0.23 0.000 58

Massachusetts 16.8 72 4.6 5.7 6.2 0.30 0.002 59

Maine 19.5 42 4.4 6.7 8.1 0.40 0.007 80

New Brunswick 21.9 28 4.3 7.2 10.0 0.50 0.002 93

Newfoundland 10.5 78 3.7 2.1 4.4 0.30 0.007 51

New Hampshire 21.1 41 5.8 7.4 7.5 0.38 0.058 81

New Jersey 13.5 85 4.0 3.5 5.5 0.43 0.000 44

Nova Scotia 19.5 45 4.3 5.9 8.9 0.49 0.001 81

New York 18.4 55 6.1 6.1 5.9 0.33 0.012 63

Pennsylvania 18.8 47 7.2 5.7 5.5 0.33 0.006 65

Price Edward I 10.7 92 2.7 2.8 5.1 0.20 0.000 36

Québec 13.2 66 4.8 3.5 4.7 0.25 0.016 68

Rhode Island 16.7 73 4.0 5.9 6.5 0.27 0.000 60

Vermont 19.9 47 6.1 7.0 6.4 0.25 0.017 73

The percentage area covered by forest in each jurisdiction is provided to illustrate the significance of the forested receptor surface in

driving GEM, RGM, and total mercury deposition. The magnitude of spatial variation in the deposition rate within each jurisdiction is

characterized by the coefficient of variation (CV) of the total mercury deposition.
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cause large meso- and local-scale variations in wet
deposition of mercury within regions of similar
liquid phase mercury concentrations (Fig. 6).
Areas of relatively low precipitation mercury
concentration (see Fig. 2) frequently experience
relatively high rates of precipitation mercury
deposition (see Fig. 6) driven by high precipitation
rates.

Variance in receptor surface conditions such as
the presence or absence of forest and the type of
forest had a large impact on the magnitude of the
estimated dry deposition fluxes. The temperate and
boreal forests of the region have very high leaf areas
(Table 2) providing a large surface area for depo-
sition. Evergreen forests assimilate more GEM per
gram of foliage than deciduous forests because of
their long leaf life spans. New Brunswick, New
Hampshire, and Vermont exhibited the highest,
whereas Prince Edward Island and Newfoundland

exhibited the lowest total deposition rates reflecting
the complex interaction of patterns in atmospheric
mercury concentrations, meso-scale climate, and
receptor surface differences. Pennsylvania and New
Jersey had some of the highest precipitation con-
centrations of mercury (Table 1, Fig. 2), but fell in
the mid-range for total deposition largely because
of lower percentages of forested area than the New
England States and Québec.

Whereas broad regional patterns in forest
composition and extent (e.g. more evergreens to
the north, greater percentage forested area to the
north and northeast) are evident in the dry depo-
sition estimates (Fig. 7), there is also substantial
variation in receptor-surface characteristics at the
1–10 km scale. The effect of local-scale variation in
the receptor surface and micro-climate conditions
was evident in the frequency distributions of
deposition by mode from a series of 212 small

, p lg y

Figure 6. Estimated precipitation mercury deposition in lg m)2 y)1 to rural areas. Deposition was not estimated for areas with ur-

ban or residential land cover. Mercury deposition is likely to be much greater than depicted here in the immediate vicinity of ur-

ban areas and emissions sources. The effects of urban and point-emissions sources are not well captured by the sparse, rural

mercury observation network (black dots).
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watersheds in New Hampshire and Vermont
(Fig. 8). These small watersheds range in size from
3 to 28,674 ha and were randomly selected as part
of the USEPA-REMAP lake study (Kamman
et al., 2005). Watersheds at this scale, and within a
relatively restricted geographic area and range of
the overall atmospheric concentration gradient,
still exhibited almost the full range of total depo-
sition experienced across the region (Fig. 5). Total
deposition was also nearly evenly divided between
precipitation, GEM and RGM at this scale with a
tendency for GEM deposition to be the most
substantial flux (Fig. 8).

Vapor-phase mercury deposition via assimila-
tion into plant foliage may be more important to
the bioavailability of mercury than simply
accounting for one-third or more of total mercury
deposition. In a controlled chamber study,

Ericksen et al. (2003) measured methyl-mercury
(MeHg) concentrations in aspen leaves ranging
from 2.8% of total-Hg in new foliage to 0.3% of
total-Hg in leaves near senescence (average 0.8%).
Field investigations have found ratios of MeHg to
total-Hg in leaf litter ranging from 0.4% in
deciduous forest (Scweisig and Matzner, 2000) to
1.8% in evergreen forest (Lee et al., 2000a, b). It is
not yet known if foliar MeHg represents in situ
methylation of atmospheric mercury, direct depo-
sition of MeHg from the atmosphere, or transport
of MeHg from the soil solution in the xylem
stream (Bishop et al., 1998). If this range of MeHg
percentages is broadly representative of conditions
in the field (cf. Lee et al., 2000a, b; Scweisig and
Matzner, 2000; St. Louis et al., 2001) then our
modeling results indicate that on the order of
5–135 ng m)2 y)1 MeHg (0.4% to 1.8% · range

Figure 7. Estimated dry mercury deposition in lg m)2 y)1 to rural areas. Deposition was not estimated for areas with urban or

residential land cover. Mercury deposition is likely to be much greater than depicted here in the immediate vicinity of urban areas

and emissions sources. The effects of urban and point emissions sources are not well captured by the sparse, rural mercury obser-

vation network. Dry mercury deposition may be greater than depicted here in the northern low arctic areas because of seasonal

mercury depletion events (Lindberg et al., 2002).
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of estimated leaf fall mercury flux) is made avail-
able to biota from mercury vapor assimilation by
foliage. Evergreen and mixed forests would be
expected to have the highest MeHg inputs because
of high leaf biomass and high MeHg:total-Hg
ratios. There are numerous insects that feed on
plant material, that are eaten by insects, birds or
mammals, that may in turn be consumed by large
predators. Furthermore, a large portion of stream
MeHg transfers from uplands to aquatic ecosys-
tems are associated with particulate carbon
entrained when waters flow over the surface of
semi-frozen soil during snowmelt (Scherbatskoy et
al., 1998; Shanley et al., 2004). This particulate
carbon transport is likely to be leaf litter in various
stages of decomposition. The large pool of mer-
cury in leaf litter may also serve as an important
source of mercury for methylation in upland
environments (Shanley et al., 2004).

To improve understanding of the magnitude
and spatial distribution of total mercury deposi-

tion monitoring networks for wet and dry depo-
sition need to be created, expanded, standardized,
and stabilized (see Mason et al., 2005). The current
mixed network is too problematic (multiple col-
lector types and protocols) and unstable (stations
being dropped because of lack of funding) to pro-
vide good regional coverage and reliable detection
of regional-scale temporal trends. The current
networks also emphasize rural areas and need to be
expanded to better characterize conditions in the
urban and near-urban environment. It is imperative
that we establish a network for monitoring of GEM
and RGM in the United States and expand the
TGM network in Canada to include RGM. Mea-
surements of RGM plume transport and dispersion
are needed to assess the effects of point sources on
dry deposition. Intensive field studies are required
to improve our understanding of GEM dry depo-
sition and emission fluxes over a variety of surface
types. Establishing a mercury dry-deposition net-
work is essential because this analysis and others
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(cf. Grigal 2002) suggest that RGM and GEM
deposition likely represent one-half to two-thirds of
the total mercury deposition. Measurements of
atmospheric MeHg concentrations as well as
physiological and biochemical studies are needed to
determine the sources and mechanisms of MeHg
accumulation in plant foliage.
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